INTRODUCTION
Loss of habitat is currently the single greatest threat to biodiversity (Millennium Ecosystem Assessment, 2005) . However, for many taxonomic groups there is still little or no evidence of habitat loss affecting intrinsic biodiversity and/or population structure (Andersen and Müller, 2000; Vicente, 2010) . One such group is the phylum Tardigrada. These are microscopic metazoans that inhabit most terrestrial, freshwater and marine environments. In terrestrial environments, they are commonly found in aquatic microcosms, including mosses and lichens, where water films or microwater bodies are unpredictably added and temporarily retained.
In temperate climates, these micro-habitats are usually inactive during the warmer months because of desiccation, and in winter when frozen. Mosses and lichens recover their activity with the return of moisture, together with the usually anhydrobiotic fauna that usually inhabits them: tardigrades, rotifers and nematodes. During these periods of inactivity, these terrestrial micro habitats are particularly exposed to environmental threats such as forest fires.
Apart from the obvious directly destructive effect that fires have on biodiversity, their impact on ecosystems is very important, e.g., via the destruction of riparian flora supporting freshwater systems (New et al., 2010) , by destroying soil grass and thus accelerating soil erosion (Naveh, 1998) , or altering mammalian foraging behaviour (Wallace and Crosthwaite, 2005) . Fires are known to reduce macrofaunal populations, and have historically been used to attack populations of agricultural damaging insects via direct kill or indirect habitat destruction (McCullough et al., 1998) . Other common reasons behind the use of deliberate fires are the preparation of land for agriculture (Sim-Sim et al., 2004) , or the reduction of organic fuel levels, to minimize the impact of high magnitude fires (Andrew et al., 2000; York, 2000) . According to Simorangkir (2007) the biggest reason behind the widespread use of fire for land clearing is its low economic cost, mainly in large areas. For small forest areas, zeroburning alternatives can be as cost-effective as burning. The extent of fire induced damages is dependent on several factors, such as its type and intensity, environmental variables or organism adaptation to water loss (Araújo and The impact of fire on terrestrial tardigrade biodiversity: a first case-study from Portugal , 2005) . Global warming also exacerbates fire frequency. In Portugal, anthropogenic activities explain 42% of fire frequency and temperature anomalies 43% of the area burnt (Costa et al., 2011) . Nevertheless, there is no consensus on the effect of fire on biodiversity. Some studies suggest positive fire consequences, such as the maintenance of habitat mosaics at different succession stages (Gandhi et al., 2001) . That is, according to Parr and Andersen (2006) , an increasingly popular theory amongst conservation management agencies worldwide, which has resulted in patch mosaic burning being a commonly used biodiversity conservation strategy. However, other studies suggest a negative outcome, by destroying endemic and low dispersing species (Yanovsky and Kiselev, 1996; Quartau, 2009 ). This apparent incongruence could result from the different conditions in which individual studies were conducted, such as the fire regimes, the pre-and post-fire ecology of the region, or the focal taxa (Moretti et al., 2004; Parr and Andersen, 2006) . According to New et al. (2010) , pre-and post-fire data from burning sites are common omissions.
To date no such studies exist with a specific focus on tardigrades or other micro-invertebrate groups. In a broad spectrum study, Malmström et al. (2009) found that, five years after a fire, tardigrade abundance had recovered to 52% of that in the unburned area. We elucidate how limno-terrestrial tardigrade populations respond to habitat loss caused by forest fire. To do so, we analysed consecutive samples from one small geographic mountainous area in Portugal, focusing on both changes in population dynamics as well as on their respective levels of genetic diversity.
METHODS

Samples of the moss species Orthotrichum striatum
Hedwig, 1801 were collected from trees at Carvalhal da Moita do Conqueiro, Serra da Estrela's Natural Park, Portugal, 1529 m asl, from an area of roughly 10 m 2 ( Fig. 1 ), and kept in paper bags. Single samples were collected in 2000, 2003, 2005, 2006, 2007 and 2010 . A major fire occurred in 2003, ca. one month after sampling; and only a small fire was previously reported in 1998. Even though the sampling site was visited in 2004, no sample was col- Only a small sample per year was collected, in order to avoid significant alteration of the studied area. Samples were left to air dry at room temperature, weighed and tested for animals by soaking for at least 30 min and washed through consecutive 500 and 38 μm sieves. All animals and eggs present in a sieved sample were manually selected under a stereomicroscope. Since samples presented variant sizes, their dry weight was registered and each population's abundance was estimated as animal per gram of substrate (Fig. 2) . Thus, tardigrade abundances from all years were made comparable.
Voucher specimens were photographed in vivo and then used for DNA analysis, following the protocol described in Cesari et al. (2011) . The other animals and eggs were mounted on slides using Faure-Berlese fluid. In vivo and mounted specimens were observed using a Leitz DM RB light microscope, at 100× oil objective for the mounted specimens and eggs, at 40 or 100× oil objective for the in vivo specimens. Species richness (Margalef's test of richness, d), diversity (Shannon-Wiener index, H') and dominance (Simpson index, λ) have been calculated using Primer 5.2.9 (PRIMER-E Ltd., Lutton, UK), considering all animals found in the six years (Tab. 1). Statistical equality by t-Student tests of pairs of Shannon-Wiener indices of species diversity (Zar, 1996) was also computed (Tab. 2).
DNA extraction from single specimens and polymerase chain reaction (PCR) amplification of a fragment of the cox1 gene were carried out following Cesari et al. (2009) protocol, using LCO-1490 (5'-GGT CAA CAA ATC ATA AAG ATA TTG G-3′; Folmer et al., 1994) and HCO-2198 (5'-TAA ACT TCA GGG TGA CCA AAA AAT CA-3'; Folmer et al., 1994) as primers. The amplified products were gel purified using the Wizard Gel and PCR cleaning (Promega, Madison, WI, USA) kit. For assurance, both strands were sequenced using an ABI Prism 3100 sequencer (Applera, Norwalk, CT, USA). Sequences were translated to amino acids by using the invertebrate mitochondrial code implemented in MEGA version 5 (Tamura et al., 2011) in order to check for the presence of stop codons and therefore of pseudogenes. Nucleotide sequences were aligned with the Clustal algorithm implemented in MEGA5 (pairwise and multiple alignment parameters: Gap opening penalty: 15, Gap extension penalty: 6.66) and checked by visual inspection. Nucleotide sequences of the newly analysed specimens were submitted to GenBank (Accession Numbers JX683810-JX683833). Specimens pertaining to Diploechiniscus oihonnae (Richters, 1903) (GenBank A.N. JX676191-4) were already analysed in Vicente et al. (2013) and they were also included in the present analysis. Minimum spanning network analysis between haplotypes was performed by using Arlequin 3.1 (Excoffier et al., 2005) and visualized by using HapStar (Teacher and Griffiths, 2011) . Haplotype diversity was estimated by using the program DnaSP v5 (Librado and Rozas, 2009) . Sequencing success was estimated by dividing final sequence numbers by total extracted specimens, for each year.
RESULTS
A total of 276 animals (eggs were not considered) representing 11 species and nine genera were extracted from six samples, covering a 10 year time span. Sampling was not conducted in the unrepresented years. Abundances are depicted in Tab Macrobiotus cf. macrocalix is the most commonly occurring species, the richest in specimen numbers and the only one present in all sampling years. These specimens differ from the type material of Macrobiotus macrocalix Bertolani and Rebecchi, 1993 by having a higher egg shell pit number and sometimes a crenulated distal disc of the egg processes, as well as for their different haplotype. Species richness and diversity index (Shannon index H') both peaked in 2003, corresponding with the lowest dominance index (Simpson index λ), a few months before the largest fire (Tab. 1). Statistical equality of ShannonWiener index pairs evidences several significant differences (Tab. 2).
In regard to the molecular analysis, 19 cox1 haplotypes were identified (Tab. 3) in all considered years. DNA has been extracted from specimens of every identified species but in some cases it was not possible to determine the haplotype. Tab. 3 also presents percentages of successful sequencing methods, shown by sampling year. Fig. 3 depicts a minimum spanning network for all scored haplotypes, their presence in each sample (year) and the intraspecific distances, in terms of substitutions.
The spanning network (Fig. 3) shows a reduced number of substitutions amongst most haplotypes, with the exception of D. oihonnae, where two haplotypes are separated by 22 substitutions. With four haplotypes each, Macrobiotus cf. macrocalix and D. oihonnae are the species with the highest genetic diversity. Milnesium cf. tardigradum follows with three haplotypes. Remaining species exhibit only one or two haplotypes. Macrobiotus cf. macrocalix also exhibits the only haplotype present in 100% of the species' samplings (haplotype A2).
DISCUSSION
Macrobiotus cf. macrocalix is the only species present in all sampling years. Morphological and genetic differences of these specimens from the type material and other populations of M. macrocalix will be discussed elsewhere (Bertolani et al., personal communication) . Haplotype A2 of this species is present in every sample and is largely dominant with respect to the other three conspecific haplotypes.
The highest species richness and diversity index (Tab. 1) were reported for 2003, just a few months before The 2003 pre-fire sample shows the highest species richness and Shannon index, corroborating a moss and lichen successional study conducted in the same area, where post-fire biodiversity levels significantly decreased in burned areas compared with unburned ones, with the differences decreasing over time (Sim-Sim et al., 2004) .
The 2003 fire was the probable cause behind the greatest decrease in population richness and clearly delayed recovery. Larger fires destroy a larger forest area than a smaller fire, thus killing more animals as well as their live substrates. Therefore, fewer animals are left alive and at a greater distance, making the process of re-colonisation less likely. This likely causality behind the registered fluctuation in population density is very clearly shown in Fig. 1 . Destruction of living substrates affecting invertebrate biodiversity had previously been studied by Diniz et al. (2011) who noted the occurrence of lepidopteran larvae on their host plants was between 2.4 and 5.2 times higher in unburned areas than in burned ones.
The lower number of species found after the fires matches the results of York (1999) , who showed that areas subjected to frequent low-intensity fires had significantly lower levels of several macro-invertebrate taxa. York (1998) noted the loss of morphospecies as a consequence of frequent fires reaching 46% that of control unburned areas.
Most species found before the main fire are also found after it, indicating tardigrades have a high re-colonization capability. The only exceptions are H pallidus and E. quadrispinosus, while only represent 1.09% of the overall sample. In the last three samples, it is evident that the high specimen numbers result from the presence of a different dominant species each year. A particular result is represented by the 2010 sample, in which there is the highest λ and one species, E. blumi, never present before, represents 82% of the tardigrade population. Microhabitat could be invoked, but in reality the available information cannot help us in explaining this particular situation.
The genetic spanning network shows a reduced number of substitutions among most haplotypes, with the exception of D. oihonnae, where two haplotypes are separated by 22 substitutions. This accounts for a Kimura 2-parameters distance of 4% (Vicente et al., 2013) , still within the single-species limits. Only haplotypes A2, F1 and H1 are represented both pre-and post-main fire. That means that even though most species were able to return to the destroyed location, almost 90% of the haplotypes are unique to either one of the situations: pre or post-fire destruction (see also high values of haplotype diversity in all samples; Tab. 3). However, this does not imply a genetic diversity loss as a sole consequence of fire. The haplotypes vary within the same species in the different years after the fire. A good example is Diploechiniscus with a different haplotype in every sampling year, indicating a very dynamic change in population genetic structure. Given the limited data, we cannot exclude that some haplotypes not found in 2000-2003 were already present in those years. We point out that a negative relationship was found between the different success rates in genetic sequencing, from year to year, and corresponding number of sequences obtained. This means that scored genetic richness levels are valid and were not biased by the methodology or by chance. Nonetheless, the high numbers of newly scored haplotypes led us to hypothesise that at least some of them come from areas where the passive transport is possible. It is evident that the more common haplotypes were able to survive in the same or in nearby non-burned habitats and then re-colonise the original spot as shown by haplotype A2. The fact that all other post-main fire haplotypes besides A2, F1 and H1 are not only new but also not found consistently, suggests that the original genetic pool was replaced, and that the community will need many years to reach a new balance. Original biodiversity indexes were far from being reached seven years after the main fire and it is not possible to predict when and if they will ever be restored. We should however consider that a longer term study could constitute a very difficult goal. Only 3% of Australian lowland savannah landscapes has remained unburned for more than 5 years (Andersen et al., 2005) .
In our opinion, an implementation of a molecular approach should be considered in the elaboration of future forest and other natural areas management strategies, including fire management as well as biodiversity conservation policy.
We conclude that even though terrestrial tardigrades can re-colonise a given destroyed habitat with considerable ease, significant biodiversity richness is lost in a likely cause and effect relationship to destructive forest fires. The level of biodiversity loss in such an event is, at least in part, determined by the magnitude of the fire. Our data could serve as reference baseline for co-existing meiofauna taxa such as nematodes or rotifers. 
